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Abstract: Globally coastal habitats are experiencing degradation and threatening the production of
critical ecosystem services such as shoreline stabilization, water filtration, and nursery grounds for
marine fauna. To combat the loss of these ecosystem services, resource managers are actively restoring
coastal habitats. This study compares samples collected from non-restored sites, sites restored in
2011, and sites that underwent restoration in 2019. Restoration sites are impacted wetlands with high
elevation mounds that were leveled to increase the areal extent of intertidal habitats, enabling the
recruitment of intertidal flora and fauna. Fyke nets were used to sample nekton within the upper
intertidal zone. To quantify restoration success, nekton abundance, biomass, diversity, and indicator
species were quantified. Sites restored in 2011 had a greater abundance compared to non-restored
sites. Common snook, clown gobies, silversides, juvenile mullet, and Gulf killifishes were indicator
species at successfully restored sites, while salinity, site type, and Secchi depth played important roles
in predicting abundance and diversity. These findings are consistent with recent studies suggesting it
can take years to see quantifiable differences in nekton communities following habitat restoration.
Additionally, this work provides new insight regarding the benefits of restoring coastal wetland
elevation to maximize intertidal habitat, thereby positively impacting nekton communities.

Keywords: coastal restoration; indicator species; community dynamics

1. Introduction

The human footprint has expanded rapidly over the past few centuries and, coupled
with a changing climate, habitats across the world are being impacted [1]. Large tracts
of land and ecosystems have been altered or lost in rainforests, temperate forests, grassy
meadows, and many aquatic habitats [2–6]. Threats such as overharvesting, eutrophication,
habitat destruction, pollution, and the broader effects of climate change are major contribu-
tors to the observed losses of biodiversity, ecosystems, and habitats [7,8]. However, one
of the major challenges with habitat loss is the loss of the associated ecosystem services
produced by those habitat types [9].

Ecosystem services are resources provided by natural systems that are utilized by
humans. Marine systems are specifically at risk to the increasing losses of ecosystem
functions and subsequent effects on ecosystem services [10,11]. Globally, human activities
alter and degrade coastal habitats, threatening the production of critical ecosystem services
such as shoreline stabilization, water filtration and quality, and recreational and commercial
fisheries catches [4–6,12–17]. The main drivers of marine habitat degradation are both direct
via coastal development and indirect via climate change, such as coastal flooding related to
sea-level rise [18,19]. Loss of coastal habitat can reduce nursery grounds, foraging areas,
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and the carrying capacity of a system for marine fauna. As human population densities
and related development continue to increase in coastal zones, habitat degradation will
also continue to occur on local to global scales with many observable losses of ecosystem
services [8,9,19–21].

One of the most pressing concerns with the loss of coastal wetlands is the associated
loss of essential fish habitat (EFH) [22]. Essential fish habitat includes any area used
by fish in any part of their life cycle, including spawning, foraging, and refuge [23].
Coastal habitats support fisheries by providing EFH for many important recreational and
commercial species from their earlier stages of development and throughout their life
cycles [24–28]. The abundance and production of many recreationally and commercially
targeted species are positively related to the level of habitat complexity (compared to bare
substrates) [8,29–37]. For example, an increase of mangroves and their prop roots are
shown to positively impact many fisheries compared to mudflats in the same regions. It
is estimated that the mangrove habitat is utilized by roughly 80% of fish landed globally
at some point in their life cycle [38,39]. Due to the degradation of coastal habitats and
the potential impacts on the production of estuarine-dependent fisheries, natural resource
managers are developing new strategies and policies to protect and restore these nurseries
and foraging grounds [40–42].

To improve previously degraded coastal habitats, managers are looking toward habitat
restoration as a strategy to move fisheries toward sustainability [43,44]. Restoration has
been used for decades and has resulted in the regeneration of coastal habitats, leading to
improved ecosystem function and increased production of ecosystem services [36,37,44–50].
Additionally, numerous factors can influence the timing and magnitude of restoration
success [51]. For example, after restoring the tidal exchange to an impounded wetland,
salt-tolerant plant species began to recruit to restored areas and over a period of several
years many economically important species benefited with eventual increases in species
richness and overall abundance [52]. Restoring the hydrology of an impacted wetland to
maximize the amount of intertidal habitat has also been shown to increase fish foraging
and consumption of prey when compared to feeding in subtidal habitats [53]. Both of the
aforementioned studies required adequate time for the intertidal flora to recruit before the
fish community responded positively to restoration. However, other restoration projects
that create structure directly (e.g., oyster reefs) may benefit the fish community relatively
rapidly [35].

The restoration of living shorelines, while creating structure directly, can still take
years to increase nursery function for the marine faunal community, and for fisheries-
important species to begin recruiting to coastal wetland restoration sites [35,54]. While
the ecological benefits of these restoration strategies are evident over time, the process
can be expensive and logistically daunting. Furthermore, the varying response time of
different components of an ecosystem creates an asymmetry between the immediate costs,
as well as relatively long-term and diffuse benefits of these projects [55]. Thus, protracted
monitoring and a long-term view of success are required when restoring coastal wetlands,
as the benefits to the nekton and benthic community may not be observed immediately,
and it can be longer still before benefits accrue to higher trophic levels and eventually the
human community.

Past studies have found that restoration positively impacts the vegetative commu-
nity [35,56], but quantifying restoration success solely on the basis of the vegetative com-
munity fails to capture responses of the broader biotic community, including fishes and
mobile decapods. For example, studies suggest commercially important shrimp popu-
lations correlate with the amount of wetland available but not the depth or volume of
the estuaries [57], and abundance and commercial landings of other estuarine dependent
species in the eastern US and the Gulf of Mexico correlate with the ratio of marsh or
wetland area/open water [58–60]. To date, some restoration studies have found increases
in species richness, abundance, and consumption/feeding rates of fishes and other nekton
at restored habitats [35,52,53]. However, other studies have found little to no response
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from fishes and other nekton to restored habitats [61,62], and hence the response of nekton
to restoration remains equivocal. To address this knowledge gap, we explore here how
nekton respond to the restoration of a coastal wetland by removing sediment piles along
excavated canals (‘dragline ditches’) to maximize intertidal habitat throughout a marsh
complex. More specifically, this study quantifies the response of an estuarine fish and
mobile decapod community to the restoration of dragline-ditched spoil piles in coastal
Florida, with an emphasis on the role of coastal wetlands as a nursery habitat for important
fisheries species.

2. Materials and Methods
2.1. Study Site

Focal restoration sites are in the southern portion of the Matanzas and Halifax River
estuaries, lying adjacent to Gamble Rogers Memorial State Recreation Area and North
Peninsula State Park in Flagler County, FL, USA (Figure 1). Natural areas within this region
have been greatly impacted by anthropogenic activities over the past century, including
the creation of mosquito control structures, the hardening of shorelines with seawalls,
and broader trends toward urbanization. Influenced by the great expanses of wetlands
and relatively high levels of seasonal rainfall in Florida, there are high concentrations
of mosquitos and midges that can pose human health risks. To address these threats to
human health along the east coast of the United States, beginning in the 1920s, resource
management agencies manipulated coastal marshes to reduce water depths on the marsh
platforms in an attempt to control mosquito populations (i.e., many saltmarsh mosquitos
require standing water to complete their early life stages).
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Figure 1. Map of study area in Flagler and Volusia Counties, FL, USA. Blue circles are the three sites
that were not restored (Non-Restore), green circles are the nine sites restored in 2019 (2019 Restore),
and the grey circles are the four sites restored in 2011 (2011 Restore). The three images on the left
show the satellite view for the study areas boxed in the right image, along with the impacts of the
mosquito ditching efforts to the study area.
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One strategy that managers used to control mosquito populations was to excavate
draglines or “mosquito ditches” to minimize the amount of standing water on the marsh
platform [63,64]. The construction of the draglines consisted of heavy machinery exca-
vating canals throughout the marsh complex to facilitate draining freshwater from the
marsh platform within several days of flooding [65,66]. When excavating the mosquito
ditches, the excess sediment was piled along the shoreline, creating spoil piles. The spoil
piles are at a relatively high elevation, with elevations up to one meter above mean sea
level, resulting in the creation of terrestrial habitat, as opposed to intertidal habitat [67].
Upland vegetation, such as palm trees, has become established in these high elevation sites,
along with invasive upland species such as Brazilian pepper (Schinus terebinthifolia) [56].
During the past two decades, the St Johns River Water Management District restored high
elevation/dragline-ditch areas in northeast Florida in partnership with Florida Fish and
Wildlife Conservation Commission, US Fish and Wildlife Service, Volusia County, and
Florida State Parks. Spoil piles were mechanically leveled down using heavy machinery
to minimize the amount of dry upland area and to maximize the area of intertidal habitat.
Sites restored in this manner currently consist of predominantly native intertidal species
such as black mangroves (Avicennia germinans), cord grasses (Spartina alterniflora), perennial
glasswort (Sarcocornia perennis), saltwort (Batis maritima), and other intertidal flora. These
restored sites were deemed a restoration success with respect to marsh flora recruitment
but it is largely unknown to what extent the nekton communities in the restored areas
respond to restoration.

In order to assess how nekton communities respond to spoil pile restoration, a Before-
After-Control-Impact (BACI) design was used. Samples were collected from 16 fixed study
sites representing three treatment types: four sites previously restored in 2011 (as positive
controls), three sites impacted by ditching efforts but not restored (negative controls), and
nine sites restored in 2019 (Figure 1). All three treatment sites were sampled identically,
but due to elevational differences associated with spoil piles, the majority of subtidal and
intertidal habitat sampled at negative control sites was in the canals adjacent to spoil
piles. Each monthly monitoring event consisted of 12 of the 16 fixed sites being sampled
(due to ongoing restoration with heavy equipment, turbidity screens were placed across
channels, making some sites inaccessible each month). The study area spans approximately
5 km north to south, hence north and south non-restored sites were included to mitigate
potential latitudinal biases. Due to the overall size of the northern non-restored area and
the southern 2011 restoration areas, they were broken into two subregions, thus allowing
two monitoring sites in each. The area restored in 2019 was delineated into 15 polygons
spanning the core of the study area. Each polygon contained a large area influenced by
mosquito dragline-ditching, therefore having a high density of spoil piles (between 9 to
68 islands, and 48 to 114 spoil piles within each polygon). From a logistical standpoint, the
polygons enabled an independent contractor to complete the mechanical restoration by
working through each polygon in sequence. To identify the nine fixed monitoring sites
restored in 2019, all spoil piles were numbered and a random number generator was used
to select which spoil pile would be used as the fixed restore site to be monitored over the
course of this study. The same technique was used to select the three non-restored sites
and the four sites restored in 2011.

2.2. Biotic Sampling Procedure

Sampling consisted of 17 monthly~three-day sampling events during the new or full
moon phases, extending from March 2019 through June 2020. Fyke nets were used to
sample coastal wetland nekton at each of the twelve study sites. The length of the fyke net
trap mouth to the cod-end was 3.65 m, with a mouth opening of 0.69 × 0.99 m and a net
mesh of 3.18 mm. The barrier nets were a total of 9.14 m long, with 3 m of the net placed
onto the marsh platform; the ends of the barrier nets were 3 m and 9 m apart. When the fyke
nets were deployed, they were fished at the 3 m opening of the barrier nets, and the wings
of the fyke net were used to close off the area and standardize the total two-dimensional
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area being fished across sites. The non-restored sites were spoil piles made up of terrestrial
and intertidal habitats, so, when placing the wings of the fyke nets on them to ensure we
standardized the two-dimensional area being fished, the wings would extend up onto the
terrestrial area of the spoil piles. To estimate fishing effort, depth measurements within
the area being fished were taken; these depth values, plus the known two-dimensional
areas, were used to calculate the total three-dimensional volume of water being fished.
Total water volumes were greatest at non-restored sites, followed by the sites restored in
2019, and then sites restored in 2011. Fyke nets were set at or near slack high tide and were
fished for approximately five hours during the ebbing tide. As the tide ebbed, individuals
using the intertidal portion of the study sites were forced towards deeper water, and, as
they encountered the barrier wings, they were funneled down toward the cod-end portion
of the fyke net [68].

On the afternoon of the first day of sampling, the first six sets of wings (barrier nets)
were deployed at six of the twelve study sites. On day two, six fyke nets were deployed at
these six sites. Following retrieval of the fyke nets, the six sets of wings were placed out to
soak overnight at the remaining six study sites. On day three of each monitoring event,
the next six fyke nets were deployed similarly. During fyke net retrieval, sites that had
standing water were disturbed to drive organisms still inhabiting the intertidal habitat into
deeper water before fyke nets wings were used to close off the area being sampled.

Large specimens were processed in the field and the remaining specimens were
returned to the lab for identification to the lowest possible taxonomic level. Standard
length and mass were taken for ten haphazardly selected individuals from each taxon. In
addition, maximum and minimum standard lengths for each taxon, total count, and mass
of all individuals for each sampling site were recorded. All biotic samples were collected
and processed in accordance with the University of Central Florida Institutional Animal
Care and Use Committee protocol (IACUC Permits #16-15W and #19-13W).

Abiotic measurements were taken at all study sites when fyke nets were deployed,
including water temperature, salinity, dissolved oxygen (mg/L), and Secchi disk depth (as
a proxy for water clarity/turbidity). Within the study region, there were four water quality
monitoring stations run by the St Johns River Water Management District. These stations
collected data on a similar suite of abiotic parameters and were used to augment point
sample abiotic measurements collected during each of the three-day sampling events.

2.3. Data Analysis

To compare the mean differences in the fishes and mobile decapods catch rates and
mean biomasses between the non-restored sites (including data collected from 2019 restored
sites prior to being restored), 2019 restored sites (post-restoration), and the 2011 restored
sites (post-restoration), a paired one-way analysis of variance (ANOVA) was performed.
Data were assessed for normality using the Shapiro-Wilk Test (p < 0.05), and homogeneity
of variance was tested using Levene’s test (p < 0.05). Following a significant result of
the ANOVA omnibus test, a Tukey’s HSD Post Hoc test was run to identify significant
differences. Abundance and biomass data were log-transformed to meet assumptions of
normality. Statistical significance was set at α = 0.05 for all analyses.

Nekton community composition was analyzed using a gradient of four different
biodiversity metrics calculated using the vegan package in R (species richness, Shannon
diversity index (H), Simpson diversity, and Pielou’s evenness) [69]. Species richness was
calculated as the number of species present at each site type. The Shannon diversity
index takes into account abundance and richness data but weighs richness more heavily
than abundance [70]. The Simpson diversity index is similar to Shannon diversity but
puts more weight on abundance [71]. Pielou’s evenness measures how similar species
abundance is within a given sample or site [72]. Species composition data was analyzed
using a Nonmetric Multidimensional Scaling (nMDS) using Bray-Curtis similarity to
compare site types and sampling periods. A permutational multivariate analysis of variance
(PERMANOVA) was used in conjunction with the nMDS to assess differences in species
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compositions among treatment types. To further explore what environmental drivers
influenced species composition, an environmental fit test was run, where longer vectors
indicate relatively greater influence [69].

The use of ecological indicators is widely used in ecology to determine the health
of a system or the restoration stage of an area [73,74]. To identify potential indicator
species for each of the site types, the R package, IndicSpp, was used [75]. The package
determines the probability of finding a species at a particular site type (i.e., the preference
for or “endemicity” of a species to a particular site type vs. other potential site types) and
determines the probability of finding that species at that particular site type during a given
sampling event.

Generalized linear mixed effect models (GLMs) were used to examine how restoration
influences fish and mobile decapod abundance and community composition [76]. For the
abundance and richness data, the dispersal statistic was used. The abundance and richness
data were count data with no zeros, and the negative binomial family with a dispersal
statistic of close to 1 was the best fitting family. For the community indices (evenness and
Shannon and Simpson diversity), data were real numbers, so the Gaussian GLM family
was used in modeling. All models had good fitting residuals. The GLMs were run with
site type, temperature, DO, salinity, Secchi depth (as a metric of water clarity), distance to
nearest oyster reef, moon phase, total water volume, and seasons (wet vs. dry and Spring,
Summer, Winter, and Fall) as predictor variables for abundance, species richness, Shannon
and Simpson diversity, and evenness using the car package in R [77]. All models were
tested for collinearity using the variance inflation factor (VIF) function in the car package
in R [77]. A value of 10 or greater is used to indicate if variables are collinear. Fitted
models were then ranked using AICc (Akaike Information Criterion for small sample sizes)
and winning models were selected based on the cut-off rule of ∆AICc ≤ 2 [78]. If ∆AICc
values of multiple winning models were within 2 of one another (i.e., suggesting they have
essentially the same predictive power), the most parsimonious model would be chosen
as the winning model. GLMs were also run on each of the indicator species to determine
which factors best predicted their abundance.

3. Results

A total of 28,392 specimens representing 56 unique taxa were collected over 17 sam-
pling events spanning from March 2019 to June 2020. The three most common taxa captured
were Anchoa mitchilli (bay anchovy, n = 11,163), Leiostomus xanthurus (spot, n = 5549), and
Litopenaeus setiferus (Atlantic white shrimp, n = 1734). Bay anchovies were abundant across
all treatments and time periods and comprised from ~5% of the catch in February 2020 to
~91% of the catch in June 2020. Spot abundance was highest in March 2019, comprising
~69% of the total catch. Atlantic white shrimp abundance peaked in June 2019, making up
~49% of the catch.

Mean abundances of fish were greater at sites restored in 2011 than in non-restored
sites; sites restored in 2019 did not differ from the other two treatments. (Figure 2; One-way
ANOVA F(2,200) = 3.893, p < 0.05; posthoc Tukey HSD p < 0.05). Mean abundance by time
suggests that prior to the 2019 restoration, the differences in the sites restored in 2011 and
the non-restored sites were more prominent, with the sites restored in 2011 having elevated
abundances. Prior to the 2019 restoration, the 2019 restore sites were similar to the non-
restored sites. Once the 2019 sites were restored, the catches were highly variable but mean
abundances generally increased over the time post-restoration. Mean biomasses did not
differ between site types (Figure 2; One-way ANOVA F(2,200) = 0.174, p = 0.841). Six of the
species captured were significantly larger than other species (Gulf and southern flounder,
blue crabs, striped mullet, hardhead catfish, and Atlantic stingray), so these were removed
from analyses to determine if they were potentially driving the similarity in biomasses
among site types, but even with removing these species, no differences were found. Five
species of sport fishes were captured during this study: common snook (Centropomus
undecimalis), spotted seatrout (Cynoscion nebulosus), grey snapper (Lutjanus griseus), gulf
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flounder (Paralichthys albigutta), and southern flounder (Paralichthys lethostigma). This
complex of five sport fish species had greater mean abundances at sites restored in 2011 than
at other treatment types (Figure 3). Two other economically important taxa were captured—
blue crabs (Callinectes sapidus) and penaeid shrimps (Litopenaeus setiferus, Atlantic white
shrimp, and Farfantepenaeus spp., pink/brown shrimp). Blue crabs had greater mean
abundances at sites restored in 2011 than at other treatment types, while penaeid shrimps
had greater mean abundances at sites restored in 2011 and the non-restored sites, compared
to the sites restored in 2019 (Figure 3).

Species richness, Shannon and Simpson diversity, and evenness were similar across all
treatment types. Data were parsed into three taxonomic categories—invertebrates, fish, and
fish excluding anchovies (the most numerically abundant species captured)—to determine
if these specific separations had differential responses to restoration. All three taxonomic
groups show no differences in these four diversity metrics. Species community analyses
(nMDS and PERMANOVA) support the findings from the diversity metrics, suggesting
there are no differences in the nekton community composition among treatments (at
p < 0.05, PERMANOVA pairwise tests; Figure 4). Salinity appeared to be the greatest driver
of species assemblage (Figure 5).
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(green circle), and sites restored in 2019 (grey circle) using nMDS, where each dot indicates a specific
sample colored by site type.
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Each point represents the species assemblage of a sample. Environmental variables are in blue
and the length of the vector represents the relative influence of environmental variables on species
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A single indicator species was identified for the sites restored in 2019, the clown
goby (Microgobius gulosus) (Table 1; Figure 6; p = 0.001). At sites restored in 2011, the
most abundant sport fish, common snook (C. undecimalis), was identified as the indicator
species (Table 1; Figure 6; p = 0.003). Three ecologically important forage fish species were
indicator species for both the sites restored in 2011 and the sites restored in 2019: silversides
(Menidia spp.), juvenile mullet (<50 mm; Mugil spp.), and Gulf killifish (Fundulus grandis)
(Table 1; Figure 7; p = 0.001, p = 0.001, and p = 0.015). No indicator species were identified
for the non-restored sites (Table 1).

Table 1. Indicator species by site type. Column A is indicating the probability of finding that species at that particular site
type among the other site types (i.e., preference for a particular site type). Column B is indicating the probability of finding
that species at that particular site type during a sampling event.

Site Type Indicator Species A B Stat p-Value Total #

2019 Restore Microgobius gulosus 0.672 0.642 0.657 0.001 *** 188

2011 Restore Centropomus undecimalis 0.857 0.259 0.471 0.003 *** 80

2019 Restore + 2011 Restore Menidia spp. 0.911 0.369 0.580 0.001 ** 405

2019 Restore + 2011 Restore Mugil spp. 0.927 0.324 0.548 0.001 *** 861

2019 Restore + 2011 Restore Fundulus grandis 0.947 0.108 0.325 0.015 * 48

* symbol shows us the level of significance. So if a result is not significant it wouldn’t have the * symbol and then when a result is significant
it would have a varying level from 1 to 3 depending on the level of significance. 3 being the highest level of significance.
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Figure 7. Mean (±standard error) (A) abundance of silversides; (B) abundance of juvenile mullet; and (C) abundance of
Gulf killifish by site type.

When assessing the influential environmental factors for these indicator species, GLMs
were run using forward model selection. All indicator species best-fitting models included
site type. The abundance of the indicator species at the 2019 restore sites (i.e., clown goby)
was best predicted by the additive effects of site type, salinity, and season (i.e., Spring,
Summer, Winter, and Fall) (Table 2). The abundance of the indicator species at the 2011
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Restore sites (common snook) was best predicted by the additive effects of site type, salinity,
and total water volume (Table 2). The three indicator species for the sites restored in 2011
and 2019 each had different predictor variables. For the silversides, the abundance was
best predicted by site type and total water volume fished. Juvenile mullet abundance was
best predicted by site type, salinity, and season. Gulf killifish abundance was best predicted
by site type (Table 2). However, when examining the environmental factors predicting
the community composition indices, site type was less influential but was still included in
the best fitting model for predicting total abundance when added with salinity (Table 3).
Species richness did not have a better fitting model than the null (Table 3). For both
Shannon and Simpson diversity, the best-fitting GLM included only one metric: salinity
(Table 3). The best fitting GLM for the evenness included the additive effects of salinity
and Secchi depth (Table 3).

Table 2. Best fit GLMs for predicting indicator species abundance.

Indicator Species AIC Best Model R-Squared

Microgobius gulosus site type + salinity + 4 seasons 0.207

Centropomus undecimalis site type + salinity + watervolume 0.1898

Menidia spp. site type + watervolume 0.5263

Mugil spp. site type + salinity + 4 seasons 0.7338

Fundulus grandis site type 0.1675

Table 3. Best fit GLMs for predicting abundance, richness, Shannon and Simpson diversity, and evenness.

Category AIC Best Model R-Squared

Abundance site type + salinity 0.0768

Richness null

Shannon Diversity salinity 0.0715

Simpson Diversity salinity 0.0957

Evenness salinity + secchi 0.1379

4. Discussion

Restoration projects that modify or restore hydrology to historic specifications have
resulted in positive responses by both flora and fauna [52,79,80], but the impact on hy-
drology and response can vary by restoration type, such as reconnecting two formerly
isolated water bodies or increasing the efficiency of tidal flushing. Here, the intertidal
habitat area was restored by lowering the elevation of spoil piles constructed during the
creation of mosquito control structures and spreading the spoil to maximize the intertidal
wetland footprint. Environmental metrics throughout the study region were relatively
similar, and habitat restoration had little to no effect on the abiotic conditions at each site.
This is to be expected, given the relatively small spatial extent of the study region and the
type of restoration carried out. However, the environmental metrics did vary seasonally
and accounted for some trends in abundance and biomass of nekton. There was one
environmental biotic variable that responded to habitat restoration as expected, namely,
the vegetative community. The sites restored in 2011 had a high percentage coverage of
intertidal flora such as black mangroves and cord grasses, as seen in other regional sites
restored using this technique [56]. The aim of this restoration project was not to improve
the measured water quality metrics measured (i.e., DO, salinity, turbidity, or temperature)
but to create a more intertidal habitat, habitat complexity, and primary production in the
form of detritus. Therefore, community composition was not expected to shift greatly but
specific resident species such as killifishes, small sport-fish species, and motile decapods
were hypothesized to respond to the restoration. As predicted, and in line with findings of
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previous studies, community composition was, as a whole, not altered greatly by restora-
tion and did not differ across treatment types (Figure 4) [8]. Similarly, the largest driver of
the nekton community composition in this study was salinity, but water quality parameters
were not impacted by the restoration and remained similar across all treatment types
(Figure 5). Another possible explanation for the community assemblages not differing
among treatment types is the impact the matrix of surrounding habitat has on the treatment
types and their response following restoration. In past studies, researchers have found it
difficult to detect potentially subtle changes between restored versus non-restored habitats
when both treatments are nested within a broader matrix comprised of other healthy or
structured habitats [8]. The restoration technique used in this study involved maximizing
the intertidal area with directly adjacent (within a few meters) existing intact wetland
habitats. Thus, no quantifiable (statistically speaking) differences in the overall community
composition compared among the different treatment types could be attributed to the
restoration, having no major impacts on hydrology and the study area being relatively
small and fluid in nature.

Nekton community metrics, including abundance, biomass, richness, evenness, Shan-
non diversity and Simpson diversity, showed varying responses to restoration and had
differing drivers. Sites restored in 2011 showed elevated fish and invertebrate abundances
compared to the areas not restored (Figure 2). Following restoration, the sites restored in
2019 did not differ from the sites restored in 2011 nor the non-restored sites, with respect to
total fish abundance or biomass. The restoration process of physically leveling down spoil
piles and creating more intertidal habitat thus did not have negative impacts on the nekton
community. This suggests the trophic linkages and food web structure are functional at the
sites restored in 2019. Immediately following restoration in 2019, newly restored sites had
a variable but relatively limited response in nekton abundance. As mentioned above, this
muted response in abundance following restoration might have been due to the natural
matrix of surrounding coastal wetlands providing propagules and individuals to rapidly
colonize the restored region, thereby minimizing differences among treatment types, as
nekton from adjacent habitats re-colonize newly restored habitats. Restoration in this
system might not have strong quantifiable impacts on the nekton community for several
years but natural recruitment may result in increases in overall abundances of nekton.
However, given the observed upward trend in mean abundance over time post-restoration
in this study and the high relative abundances for older restored sites, this suggests that,
given adequate time, the sites restored in 2019 should eventually show higher abundances
than non-restored control sites as habitat complexity develops.

In the present study, water quality metrics influenced the responses in our observed
community dynamics. Multiple abiotic variables influenced abundance, but two variables
were common among winning models with the greatest predictive power: site type and
salinity. Given that site type is the common effect for all model runs for abundance,
treatment effects are important. As opposed to regions at higher latitudes, Florida has
two dominant seasons that roughly correspond with the Atlantic hurricane season: wet
season, May through October; and dry season, November through April [81]. Due to
this, salinity was a continuous variable capturing seasonality, with the summers having
the lowest salinity values due to increased rainfall and winters and dry seasons having
the highest salinity. Sites restored in 2011 had elevated overall abundances across the
salinity gradient relative to sites restored in 2019 and non-restored sites. In the study
region, species richness was highly variable and was not well-predicted by environmental
variables. However, the other three diversity metrics were strongly influenced by and had
a negative relationship with salinity. Shannon and Simpson diversity metrics were best
predicted by the salinity alone, whereas nekton community evenness was best predicted
by the additive effects of salinity and Secchi disc depth (a proxy for water clarity). The
observed negative correlation among these diversity metrics and salinity may be influenced
by species recruitment increasing abundance during spring and summer months when
salinity is lower.
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Contrary to the observed increases in species abundance, there were little to no
differences in the overall biomasses among the different treatment types (Figure 2). Over
time, it appears there were slightly elevated biomasses for restored areas, but overall,
this trend was not significant. With the high variability in the size of each individual
captured at the different sites, it was not possible to quantify differences in the overall
biomasses among treatment types. It was thought that the larger individuals captured
(such as an adult flounder, an Atlantic stingray, adult blue crabs, and adult mullet) could
have influenced this finding. However, upon their removal from analyses, there was
still no difference in the biomasses compared among treatment types. To investigate
this further, the average body mass was calculated for each individual captured and, on
average, there were smaller individuals caught at the sites restored in 2011 compared to
the other treatment types. The sites restored in 2011 were also the shallowest or had the
lowest total water volume fished and had higher catches compared to non-restored sites.
The smaller individuals captured at the sites restored in 2011 were potentially due to the
increased three-dimensional structure present from the vegetative community. This added
structure possibly provided better refugia and foraging grounds for the smaller individuals
that recruited to the intertidal area. In addition, the shallow depths of the restored sites
generally precluded larger predators from accessing prey. A concern for resource managers
regarding the non-restored habitat is that relatively deeper water enables larger predators
to access nursery habitats when feeding.

In terms of taxa, some guilds appeared to have a more rapid response to restoration
than others. When focusing on more economically important taxa, the five sport fish
species, blue crabs, and penaeid shrimps displayed a strong response to habitat restoration,
such as higher abundance at sites restored in 2011 (Figure 3). A possible reason for this
is that the sites restored in 2011 have a fully recruited intertidal flora community offering
both intertidal habitat and vertical structure that these species use when foraging and/or
seeking refuge from predators [56]. Florida has supported valuable sport fish fisheries for
decades and has been termed the “Fishing Capital of the World” because of it. This region
is home to many different saltwater game species or sport fish species and the five sport fish
species caught for this study contribute to Florida’s USD 9.2 billion saltwater recreational
fishing industry annually [82]. Furthermore, blue crabs and penaeid shrimps are large
contributors to commercial landings in Florida; annually, penaeid shrimps contribute USD
48.9 million and blue crabs contribute USD 12 million to the USD 3.2 billion commercial
fishing industry [83]. With the observed increases in these economically important groups
in this study, this restoration project is likely increasing the carrying capacity of these
species in the study area and helping move these fisheries toward sustainability.

In addition to species diversity metrics and abundances, indicator species were used
to evaluate restoration success and quantify differences among site types [10,74]. One of
the goals of this particular restoration effort was to promote a higher abundance of resident
marsh species, such as juvenile mullet and Gulf killifish [83]. Sites restored in 2011 and
2019 had ecologically important indicator species. The clown goby was an indicator species
for sites restored in 2019 (Table 1, Figure 6). These sites were characterized by shallow
intertidal habitats with a relatively bare substrate. This is in line with the clown goby’s
life history, as they are found in higher abundance on sand or bare substrates (versus
vegetated habitats); in this study, this result indicates that restoration was successful in
reducing elevation below the intertidal line, thus enabling gobies to inhabit the region
relatively soon after restoration. Clown gobies recruit in the winter months and, when
recruiting to the study region, their preferentially inhabited sites were restored (Figure 6).
Clown goby abundance appeared to be influenced by multiple environmental variables,
including site type, salinity, and seasonality (Table 2). Both salinity and seasonality are
reflective of clown goby abundance being highest during winter recruitment months, and
site type reflects these gobies preferentially selecting shallow bare substrates following
post-restoration. Whether this species is merely an early settler of a recently disturbed
habitat, taking advantage of an early successional stage restored habitat, or if it will be
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replaced by superior competitors as the biogenic habitat increases complexity, requires
further study. Clown gobies, juvenile mullet, Gulf killifishes, and silversides are known to
be ecologically important forage fish prey of higher trophic-level species [83]. An increase
in all these species at the restored areas has resulted in an overall increase in the forage
fish available for the higher trophic level species to prey on. This increase in mid-trophic
level fishes will hopefully support higher trophic levels and economically and ecologically
important sport fish species, thereby promoting a more sustainable fishery. Further, in
terms of assessing restoration success by observing increased abundances of resident marsh
species and fishes at higher trophic levels, the recruitment and higher abundance of these
species at restored sites suggest that the goal was achieved.

Past studies have found that nekton communities fail to respond to restoration until
the vegetative community has had adequate time to establish [35,54]. In this study, the sites
restored in 2011 had vegetation resembling the natural salt marshes in the broader area.
Juvenile common snook recruited to these sites in large numbers and were found to be an
indicator species of habitats restored in 2011 (Table 1, Figure 6). In Florida, common snook
are an ecologically and economically important sport fish. Common snook are one of the
top inshore sport fishes in Florida and contribute to an annual USD 9.2 billion saltwater
recreational fishing industry in the State [82]. The intertidal area and increased structural
complexity in this region created attractive nursery and foraging grounds for juvenile
common snook. Gilmore et al. [84] found early juvenile common snook (under 100 mm SL)
were predominantly found in freshwater and marsh habitats before moving to seagrass-
dominated habitats. Similarly, in this study, the majority of common snook caught at sites
restored in 2011 fell into this size class. During their recruitment period (July–January),
juvenile common snook were found in greater abundance at the 2011 restored sites than any
other site type (Figure 6; [56,84]). Successful recruitment of common snook in the region
helps protect the species from the impacts of overfishing. In 2010, the Florida common
snook population was decimated by an extreme cold event that resulted in an emergency
closure of the fishery [85]. The increase in preferred recruitment habitat in this study, such
as that restored in 2011, is crucial to helping these fish fully recover from disturbances.
Common snook prefer complex habitats such as docks, mangroves, saltmarshes, and rocky
outcroppings [86]. Therefore, their proclivity for complex structure makes the presence of
the common snook in restored regions an indicator of restoration success. Here, common
snook abundance was influenced by multiple environmental variables, including site
type, total water volume fished, and salinity (Table 2). Both the total water volume fished
and site type suggest snook preferred shallower intertidal areas with increased structural
complexity, and salinity illustrates that during low salinity periods or their recruitment
periods, abundance was highest. However, it must also be noted that several small snook
specimens were captured in newly restored sites in this study, providing further indication
that restoration effects can be positive in the short term. Overall, the indicator species for
this restoration span from the higher trophic levels (common snook) to the lower trophic
level species (clown goby, juvenile mullet, silversides, and Gulf killifishes). Together, this
suggests that the benefits of restoration occur across multiple trophic levels, illustrating the
use of multiple indicator species in assessing restoration success.

5. Conclusions

Restoration is used increasingly as a strategy to mitigate negative anthropogenic
impacts to coastal habitats by stabilizing habitats with putative benefits for the broader
ecological community, including positive impacts on both the abundance and diversity of
species [43,44]. Findings from this study suggest that restoring coastal wetlands by maxi-
mizing the area of intertidal habitats can positively impact the abundance of commercially,
recreationally, and ecologically important species comprising a broader estuarine nekton
community. While the response of the fish and macro-invertebrate community was not
immediate, it appears that benefits to these components of the ecosystem were quantifiable
within 18 months of restoration. The quality and availability of the subtidal and adjacent
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intertidal habitat greatly influence the response of the biotic community to restoration
strategies, with direct impacts on restoration success. In terms of the biotic community,
quantifying restoration success can be challenging and often requires several years post-
restoration before significant positive impacts are realized by broader components of the
system [35,54]. However, a promising finding of this study is that it provides clear evidence
that restoration projects that create benthic structure, in particular by maximizing intertidal
habitat, can result in relatively rapid positive responses by the biotic community when
compared with restoration strategies that solely rely on natural recruitment and growth of
foundation species such as oysters or mangroves [35].
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